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a b s t r a c t

Introduced browsing animals negatively impact New Zealand’s indigenous ecosystems. Eradicating intro-
duced browsers is currently unfeasible at large scales, but culling since the 1960s has successfully
reduced populations to a fraction of their earlier sizes. Here we ask whether culling of ungulates has
allowed populations of woody plant species to recover across New Zealand forests. Using 73 pairs of per-
manent fenced exclosure and unfenced control plots, we found rapid increases in sapling densities within
exclosures located in disturbed forests, particularly if a seedling bank was already present. Recovery was
slower in thinning stands and hampered by dense fern cover. We inferred ungulate diet preference from
species recovery rates inside exclosures to test whether culling increased abundance of preferred species
across a national network of 574 unfenced permanent forest plots. Across this network, saplings were
observed irrespective of their preference to ungulates in the 1970s, but preferred species were rarer
within disturbed sites in the 1990s after long-term culling and despite nationwide increases in sapling
densities. This indicates that preferred species are relatively heavily affected by browsing after culling,
presumably because remaining animals will increase consumption of preferred species as competition
is reduced. Our results clearly suggest that culling will not return preferred plants to the landscape imme-
diately, even given suitable conditions for regeneration. Complete removal of ungulates rather than
simply reducing their densities may be required for recovery in heavily browsed temperate forests,
but since this is only feasible at small spatial scales, management efforts must target sites of high conser-
vation value.

� 2012 Elsevier Ltd. All rights reserved.

1. Introduction

Browsing ungulates strongly influence the dynamics of temper-
ate forests, often to the detriment of habitat conservation and tim-
ber production. They are particularly problematic where they are
non-native and their population density is high (Putman and
Moore, 1998; Takatsuki, 2009). Culling has been used to reduce
ungulate populations (Côté et al., 2004; Milner et al., 2006), but
assessing the effectiveness of control programmes in terms of veg-
etation ‘‘recovery’’ is challenging; responses of plant populations to
browsing are spatially variable and it is difficult to manipulate
ungulate densities across large spatial scales (Hester et al., 2000).
Further, long-term (i.e. decades) data are required to detect
changes in population sizes of most woody plants because of their

relatively slow responses to reductions in ungulate browsing
(Tanentzap et al., 2011a, 2009). As resources for conservation man-
agement are often limited, an understanding of the regeneration
requirements of woody species is required to prioritize sites where
ungulate culling is most likely to result in vegetation recovery.

We use data collected over 33 years from fenced exclosures and
adjacent, unfenced areas at 73 sites located throughout New Zea-
land forests to predict population recovery of woody plants within
the reach of browsing ungulates (i.e. <2 m above ground level). Se-
ven species of deer (all Cervidae), as well as goats (Capra hircus),
were introduced into New Zealand in the 19th and 20th centuries
(Nugent and Fraser, 2005). These introduced browsers, particularly
deer, spread rapidly, depleting preferred forage from forest unders-
tories and providing opportunities for unpalatable species to dom-
inate communities (Allen et al., 1984; Husheer et al., 2003; Veblen
and Stewart, 1982). Concern that introduced browsers prevent
regeneration of indigenous forests has led to a number of govern-
ment sponsored culling programmes since the 1930s, with the
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number of deer culled nationally reaching a peak in the 1960s and
1970s (Travers, 1964; Davidson and Fraser, 1991; Jane, 1994; Nu-
gent and Choquenot, 2004). By the 1990s, deer densities were re-
duced by 90% across South Island forests (Challies, 1991), due to
both culling and depletion of food supplies (Forsyth and Caley,
2006; Forsyth et al., 2011). There were similar reductions in densi-
ties of goats across much of their range (Parkes, 2001, 1993). Dur-
ing the 1970s and 1980s many exclosures were established to
ascertain the ongoing impacts of ungulates and to discover
whether forests were recovering in areas in which ungulates were
being culled (Allen et al., 1984; Bellingham and Allan, 2003; Hush-
eer et al., 2005; Jane and Pracy, 1974; Smale et al., 1995). We com-
pare plots in these exclosures with unfenced control plots in which
browsing pressure is probably much reduced from levels in the
1960s, in order to test the effectiveness of culling programmes in
allowing population recovery at a broad spatial scale.

Local environmental variation influences plant regeneration and
may obscure the effectiveness of culling. Fast-growing species that
are preferred by ungulates should respond positively to herbivore
removal (Bee et al., 2007), but since these species are often light-
demanding (Krueger et al., 2009), disturbances that increase can-
opy gaps may be required before recovery is possible (e.g. Coomes
and Allen, 2007; Coomes et al., 2003; Runkle, 1982). For example,
growth rates of Canadian Abies balsamea seedlings increased as deer
density declined in forests that had been subjected to clear-cutting
but were unchanged within intact, shaded stands (Tremblay et al.,
2007). Recent analyses in New Zealand forests indicate that some
highly ungulate-preferred species increase in abundance and re-en-
ter the canopy of disturbed stands within 30 years after browsers
are excluded (Mason et al., 2010). We expect to find similar re-
sponses within the understorey with recovery of fast-growing,
ungulate-preferred species occurring primarily in disturbed stands.

We also expect to find recovery of less preferred species be-
cause as ungulates deplete stands of highly-preferred fast-growing
species, they are forced to consume less-preferred, slow-growing
species, leading eventually to reductions in herbivore density as
the total food resource is reduced (Caughley, 1970; Nugent et al.,
2001; Tremblay et al., 2005). Consequently, we predict recovery
of both preferred and less preferred saplings within exclosures,
but because they are slower growing, the latter group may take
many years to reach the canopy layer.

The pattern of recovery following culling should also differ from
that following complete herbivore removal. Exclusion of ungulates
leads to the recovery of fast-growing, highly palatable species (Ma-
son et al., 2010; Tanentzap et al., 2009, 2011a), but these species
may not recover following culling because even when the plants
are rare, they are preferentially targeted by ungulates (Nugent
et al., 2001). Ungulates subsisting on less-preferred species will
switch diets to more highly preferred species as soon as they be-
come available, suppressing population recovery. Thus, while both
preferred and less-preferred species should recover following com-
plete exclusion of herbivores, we predict culling should result in
recovery of less-preferred, slow-growing species but not preferred
fast-growing species.

Availability of seeds and establishment sites can also influence
how woody species respond to reductions in herbivory (Liang and
Seagle, 2002; Wilson et al., 2006). Sites with abundant mature
trees are anticipated to recover relatively quickly because plentiful
seed will be available. A dense layer of seedlings on the forest floor
is likely to be equally effective. However, unpalatable species may
also form a dense ground layer at some sites, competitively inhib-
iting seedling regeneration. For example, monospecific stands of
hay-scented fern (Dennstaedtia punctilobula) establish under in-
tense browsing in the understorey of eastern US forests and cast
a deep shade that suppresses growth of seedlings of trees that
leaf-out in late spring while species with earlier foliar development

are unaffected (de la Cretaz and Kelty, 2002). In New Zealand for-
ests dense fern layers are widespread (Coomes et al., 2003; Gaxiola
et al., 2008), and we predict that recovery will decline with increas-
ing fern dominance.

We test how herbivore diet selection and local environmental
variation affect woody vegetation recovery following ungulate re-
moval by addressing the following questions: (a) is disturbance re-
quired for recovery? (b) Is this recovery positively related to the
growth rate of species? And (c) do seed and establishment limita-
tion constrain recovery? We first quantify ungulate diet preference
using data from a series of ungulate exclosure and control plots,
measuring preference by comparing the extent to which woody
species have increased within exclosure relative to control plots.
We then use this measure of diet preference to explain changes
in the density of woody plants over time in a separate network
of 574 permanent forest plots, aiming to determine whether cull-
ing in recent decades has returned ungulate-preferred species to
the national landscape.

2. Methods

2.1. Data recorded on permanent control and exclosure plots

We used data from 73 sites, each consisting of a pair of exclo-
sure and unfenced (‘‘control’’) plots which had been measured at
least twice, with an average interval of 16 years between censuses
(see Fig. S1 in Supplementary material). Plots were 20 m � 20 m in
size and sampled using standard methods (Hurst and Allen, 2007).
All stems >1.35 m tall and with diameter at breast height (dbh)
>30 mm were tagged, had their dbh measured and were identified
to species. Saplings of each species were counted, saplings being
defined as woody stems >1.35 m tall and <30 mm dbh. The
presence or absence of small seedlings (stems <15 cm tall) was
recorded on twenty-four 0.75 m2 subplots within each plot. Large
seedlings (stems >15 cm and <1.35 m tall) were counted within
the subplots but were too sparse to be considered further in our
analysis. These sites also provided some of the tree data analysed
by Mason et al. (2010), but we concentrate on the temporal re-
sponses of sapling densities because they allow us to investigate
the responses of both fast and slow-growing species to browser
exclusion; slower growing stems may not have grown large en-
ough during the study period to be counted by Mason et al. (2010).

The sites had often been selected to monitor the effectiveness of
ungulate control operations in areas where ungulate impacts were
of concern to conservation managers. Although we have no infor-
mation on the initial density of ungulates or changes over time
at individual sites, it is likely that ungulates were sufficiently abun-
dant at these sites to impact forest regeneration (Forsyth et al.,
2002). From 1950 to 1970 ungulate populations were substantially
reduced within most of the regions in which our study sites were
located, reaching minimums during the 1980s and 1990s, and
increasing in recent years (Forsyth et al., 2011).

2.2. Data recorded on national forest plot network

We used data from 574 permanently marked plots which com-
prise part of the National Vegetation Survey Databank of New Zea-
land (Wiser et al., 2001), registered in the Global Index of
Vegetation Plot Databases (Dengler et al., 2011). Plots were
20 m � 20 m and measured using identical methods to the control
and exclosure plots (Hurst and Allen, 2007). We selected plots that
have been measured at least twice and, for those in which multiple
censuses have been carried out, we chose the oldest and the most
recent censuses. The selected plots are nested within 24 survey
areas, with each survey area containing from 4 to 94 plots, and
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with the survey areas spread throughout New Zealand indigenous
forests (Fig. S1). Start dates and census intervals differ both be-
tween and within survey areas with an average census interval
of 16 years (earliest census 1972 and most recent 2002).

2.3. Relating recovery in exclosure and control plots to disturbance,
growth, and seed and establishment limitation

Analyses were restricted to the 43 most common species in the
exclosure and control plots, defined as those present at over 10% of
sites or constituting at least 10% of the total number of adults or
saplings found across sites (Table S1). For each species we calcu-
lated the annual rate of population change in control plots propor-
tional to the initial population size (RC):

RC ¼
1

100� Dt
C2 � C1

C1

� �
; ð1Þ

where C1 and C2 are the number of saplings at the initial and final
censuses, Dt is the census interval and C1 is the mean count across
all control plots in which the species was initially present. In the
majority of cases populations increased in size over time so we
henceforth refer to positive changes simply as recovery. Expressing
recovery as an annual rate allowed meaningful comparisons among
sites that differed in census interval. Recovery in exclosures (RX)
was calculated in the same way. Additional recovery in exclosures
(over and above that occurring in the control plots) was calculated
for each site as RE = RX–RC. Recovery indices were cube-root-trans-
formed prior to statistical modelling, in order to make distributions
approximately normal and prevent several populations that under-
went very small or large changes in stem density from exerting un-
due leverage on model estimates. Transformation of the data also
proved to be the most tractable approach after attempting to fit
models with various non-normal error distributions.

We modelled RE and RC to explore the extent of recovery in
unbrowsed and browsed forests, respectively. Species effects were
included in the models as normally-distributed random variables.
The following variables were included as fixed effects to test four
predictions:

1. Stand Development Phase (SDP) was included to test whether
recovery was fastest in disturbed forests. Using the approach
developed by Coomes and Allen (2007), stands were categorised
as ‘‘thinning’’ if the number of stems decreased, and mean tree
size increased, between the two censuses. All other stands were
categorised as ‘‘disturbed’’.

2. Growth rates of trees of each species (G) were included to test
whether faster growing species recovered more rapidly than
slower-growing species. Diameter increments were calculated
in both the exclosure and national-level forest plot datasets
for all small stems (30–80 mm dbh) because we expected these
to represent sapling growth rates more closely than diameter
increments calculated for large canopy trees. We converted
diameter increments to an annual growth rate as Dd/Dt, where
Dd is the change in diameter over the census interval Dt.
Growth of small trees is approximately linear with size for
New Zealand species (Coomes et al., 2011). We then fitted a
mixed-effects model with annual growth rate as the response,
and with site and species as normally distributed random
effects, and extracted median rates predicted for each species
for use in modelling RE and RC.

3. Seedling abundance (SA) was included to test whether recovery
was fastest in sites where seedlings were already established
(i.e. low establishment limitation). Seedling abundance was
estimated as the proportion of subplots occupied by each
species.

4. Fern cover (F) was included to test whether dense fern layers
impeded regeneration. F was estimated for each site as the pro-
portion of subplots occupied by large fern species (Appendix S1
lists the species included).

Fixed effects (G, SA, and F) were standardised (i.e. centred
around the mean with a standard deviation of 1) so that effect
strengths could be directly compared with one another; none of
the fixed effects were strongly inter-correlated (Spearman’s rank
correlation, q < 0.11). We included interactions between SDP and
all other variables, to test whether responses differed between dis-
turbed and thinning forests. Hence, our model for recovery in
exclosures had the form:

RE ¼ aD1 þ aD2Gþ aD3SAþ aD4F þ eD1 þ eD; in disturbed forests;

RE ¼ aT1 þ aT2Gþ aT3SAþ aT4F þ eT1 þ eT ; in thinning forests;

where aD1, aD2, aD3, aD4, aT1, aT2, aT3, aT4 are coefficients associated
with fixed effects, eD1 and eT1 are species effects drawn from normal
distributions and eD and eT are residual error terms. Identical mod-
els were fitted to predict recovery in controls (RC).

2.4. National recovery of ungulate-preferred saplings

We tested whether species highly preferred by ungulates recov-
ered across New Zealand forests in response to culling. We used RE

as a measure of ungulate preference, consistent with other studies
(Tanentzap et al., 2011a; Wardle et al., 2001). Species with RE > 0
increased following ungulate exclusion relative to the controls
(high inferred preference), while those with RE 6 0 declined when
ungulates were excluded (low inferred preference). Our approach
was to estimate the probability (p) of observing saplings of each
species within plots in the national-level dataset when conspecific
adults were present (i.e. presence or absence of saplings was re-
corded for each plot where adults were found). We modelled p
using a mixed-effects logistic regression with a Bernoulli error
structure and separately fit this model to the first and last censuses
of each plot:

logitðpÞ ¼ bD1 þ bD2RE þ sD1 þ sD2; in disturbed forests;

logitðpÞ ¼ bT1 þ bT2RE þ sT1 þ sT2; in thinning forests;

where bD1, bD2, bT1, bT2 are coefficients associated with fixed effects,
sD1 and sT1 are species effects and sD2 and sT2 are plot effects, all
drawn from normal distributions. We restricted our analysis to
the 22 species that occurred in over 10% of plots or constituted at
least 10% of the total number of adults or saplings found across
plots in the national-level dataset.

2.5. Model estimation

Mixed-effects models were fitted to the data using the
MCMCglmm package (Hadfield, 2010) in R ver. 2.12 (R Develop-
ment Core Team, 2010). MCMCglmm uses Markov Chain Monte
Carlo simulations to generate posterior estimates of parameter val-
ues and their credible intervals. We used uninformative priors, i.e.
broad normal distributions for fixed and random effects with
means of zero and variances of 1 � 108 and covariance among ef-
fects following an inverse Wishart distribution with covariance
parameters set to one and degree of belief parameters set to zero.
We ran models for P50,000 iterations in the burn-in phase, fol-
lowed by P100,000 iterations. We used a thinning interval of 10
to generate posterior samples, from which we calculated species
medians to predict differences in recovery rates among species in
disturbed and thinning forests. To infer the strength of effects in
our model, we calculated 95% credible intervals (CIs) from poster-
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ior distributions. We consider effects to have significantly affected
recovery if 95% CIs do not overlap zero. A feature of our data was
that at many sites there was slow recovery of all species, but at
some there was rapid recovery in both the exclosures and controls.
We sought to determine whether species had the same potential to
recover rapidly, and used the upper credible limits of RC and RE as a
measure of the fastest potential recovery rate for each species in
the presence and absence of ungulates respectively.

3. Results

3.1. Species population recovery in ungulate exclosure plots

Ungulate exclusion increased sapling population densities in
exclosure plots irrespective of whether forests were classed as dis-
turbed or thinning (95% CIs for mean sapling recovery of all species
combined, RX, in disturbed and thinning forest exclosure plots:
0.7–12.1% yr�1 and 0.6–4.8% yr�1, respectively). The majority of
species recovered at <5% yr�1 but several recovered much more
rapidly, especially in disturbed forests (eight species with mean
recovery rates in disturbed forests P25% yr�1, Fig. 1, Table S1).
Similarly, a small number of species showed a much greater poten-
tial recovery rate than the majority, with sapling densities of nine
species more than doubling annually in disturbed forests (Upper
95% CIs, Fig. 1).

Although recovery rates varied among species, there was no
indication that faster growing species recovered more rapidly than
slower-growing species (Table 1). A large seedling bank at the time
of plot establishment aided recovery in all exclosures, but in thin-
ning stands having dense fern cover on the plot reduced recovery
(Table 1).

3.2. Species population recovery in control plots

While reductions in browsing have allowed recovery within
unfenced control plots, the pattern of recovery in control and

exclosure plots nevertheless differed. Combined across all species,
sapling population densities increased slowly in both disturbed
and thinning forests (95% CIs for mean sapling recovery in dis-
turbed and thinning control sites: 0.4–1.7% yr�1 and <0.1–
1.3% yr�1, respectively). Mean recovery rates were similar in con-
trol and exclosure plots based on comparison of CIs (compare pre-
ceding figures with those reported for exclosure plots, Section 3.1),
suggesting that culling has been largely effective in allowing an
understorey to redevelop. However recovery rates of some species
in control plots were much lower than within exclosures, with only

Fig. 1. Species responses to ungulate exclusion and stand disturbance. Upper panels display mean annual recovery rates of species in controls and exclosures. Grey shaded
bars indicate distribution of species means in thinning sites. The overlaid hatched bars represent the distribution of species means in disturbed sites. Lower panels compare
the fastest potential recovery rate of each species in thinning and disturbed sites, represented by the 95% upper credible limits of species recovery rates estimated from our
data (one point for each species).

Table 1
Factors influencing the sapling population recovery of species in ungulate exclosures
and control plots established in disturbed and thinning forests. Mean parameter
estimates (‘‘Effect’’) and 95% credible intervals are given for each factor included in
the model. Fixed factors (seedling bank, growth rate, fern cover) are standardised (i.e.
centred around the mean with a standard deviation of one) so that effect strengths
can be directly compared with one another. Effects marked in bold type have 95% CIs
that do not overlap zero and have a statistically significant influence on recovery.
Intercepts represent the mean annual recovery rate in each forest type assuming all
fixed factors are at mean levels and can be back-transformed to the data scale by
raising to the power three.

Exclosures Control plots

Effect 5% 95% Effect 5% 95%

Disturbed forest
Species (variance) 0.21 0.10 0.32 0.01 <0.01 0.03
Intercept 0.35 0.19 0.50 0.20 0.15 0.26
Seedling bank 0.18 0.11 0.26 0.09 0.05 0.14
Growth rate �0.03 �017 0.12 �0.01 �0.06 0.04
Fern cover 0.04 �0.04 0.10 0.03 �0.02 0.07

Thinning stands
Species (variance) 0.12 0.04 0.22 0.04 <0.01 0.08
Intercept 0.23 0.08 0.36 0.15 0.07 0.24
Seedling bank 0.16 0.08 0.24 �0.03 �0.08 0.02
Growth rate �0.08 �0.21 0.05 �0.05 �0.13 0.03
Fern cover �0.10 �0.19 �0.01 0.03 �0.03 0.08
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one species recovering at a mean rate >20% yr�1 and with smaller
upper 95% CIs, indicating that ungulates still disrupt regeneration
of these species (Fig. 1). Where ungulates were excluded the same
species responded most rapidly in disturbed and thinning stands
(Spearman rank correlation q = 0.45, P = 0.003, Fig. 1). This rela-
tionship was much less pronounced in the control plots where
browsing was reduced (q = 0.24, P = 0.130; Fig. 1).

Similar to exclosures, seedling banks aided recovery, but only in
disturbed forests where competition for light was less intense (Ta-
ble 1). Neither species growth rates nor dense fern cover influ-
enced recovery rates in thinning and disturbed control stands
(Table 1).

3.3. Influence of ungulate diet preference on recovery at a national
scale

Ungulates continue to affect understorey composition across
New Zealand forests despite some recovery of sapling populations.
At the first census of each plot in the national surveys (mean sam-
pling year ± SD: 1979 ± 3.5), inferred preference class was not sig-
nificantly related to the probability of finding a sapling in either
disturbed or thinning plots (95% CIs, bD2, bT2: �0.77 to 0.10 and
�0.73 to 0.78, respectively; Fig. 2). In contrast, the probability of
finding a sapling at the final census of each plot (mean year ± SD:
1995 ± 4.9) declined significantly with inferred preference class
in disturbed but not thinning plots (95% CIs, bD2, bT2: �0.73 to
�0.06 and �0.67 to 0.71, respectively; Fig. 2). Although saplings
were equally likely to be found at either census, sapling densities
increased nationally over time (mean sapling density ± SE at first
and final censuses: 1 398 ± 107 saplings ha�1 and 1 964 ± 192 sap-
lings ha�1, respectively; Wilcoxon signed rank test: V = 22 810,
P < 0.001).

4. Discussion

4.1. Forest recovery after culling

Suppression of the forest understorey by ungulates has been
widely reported throughout forests in New Zealand (Husheer
et al., 2005; Jane, 1994; Mark and Baylis, 1982; Veblen and Stewart,
1980; Wardle and Hayward, 1970), and internationally (Kuijper
et al., 2010; Royo et al., 2010; Tanentzap et al., 2011a), and here
we demonstrate consistent patterns for a large number of species
growing in a range of different forest types. Our results show that
culling has increased recovery of sapling populations across New
Zealand, but species preferred by ungulates remain negatively im-
pacted by browsing. We also found that low fern cover and large
seedling banks can increase population recovery but that their ef-
fects depend on stand disturbance and the presence or absence of
browsing ungulates. Mason et al. (2010) found shifts in canopy
composition towards dominance of more palatable species when
ungulates were excluded. These were most pronounced in dis-
turbed stands, indicating that these sites were most negatively im-
pacted by ungulate browsing. Recent declines in palatable species
despite culling emphasize that the impacts of ungulates are not
linearly related to their density (Nugent et al., 2001; Royo et al.,
2010), so management may need to target sites where forest recov-
ery is most likely to occur.

4.2. Influence of disturbance, growth rates, and establishment
limitation on population recovery

Stand disturbance and its interaction with browsing moderated
the effects of establishment limitation on population recovery. We
found that fern cover reduced population recovery but only in thin-
ning stands in the absence of ungulates. Inhibition of tree seedling
recruitment and growth by dense layers of understorey plants, par-
ticularly ferns, has been widely reported in temperate forests
(George and Bazzaz, 1999a,b; Royo and Carson, 2006), with compe-
tition for light being the suggested mechanism (Coomes et al.,
2005). Outside of exclosures, trampling by ungulates may have dis-
turbed the fern layer, allowing sufficient light to reach seedlings
(e.g. Gremmen et al., 2003). Trampling has a similar role in the
Scottish Highlands, reducing the cover of the dominant heathland
vegetation (Calluna spp.) and subsequently increasing the abun-
dance of light-demanding grasses and small herbs (Hester and
Baillie, 1998). We did not observe an effect of fern cover in dis-
turbed sites because light levels may have been sufficiently ele-
vated, even beneath ferns, that competition for light would have
been weak. Another explanation is that saplings may have estab-
lished on raised surfaces in disturbed sites, such as fallen logs,
where their growth was unaffected by competition for light from
ground layer ferns (Bellingham and Richardson, 2006; Ogden,
1971).

Tanentzap et al. (2009) predicted that recovery following reduc-
tions in ungulate densities would be limited by propagule avail-
ability and our results support this, also indicating that the
influence of seedling banks is moderated by understorey light lev-
els. In browsed thinning sites, the lack of a positive effect of seed-
ling banks may have occurred because browsing overwhelmed any
benefit to recovery from large seedling banks. Ungulates of similar
size to deer and goats have been shown to have a greater influence
on sapling than seedling recruitment (Kuijper et al., 2010; Rooney
et al., 2002), perhaps because saplings occur at lower density than
seedlings. As a result saplings growing slowly under intense com-
petition for light are unlikely to survive repeated ungulate brows-
ing regardless of the size of the seedling bank from which they
emerged. In their native range, ungulates can eliminate regenera-

Fig. 2. Change between initial and final censuses of 574 New Zealand forest plots in
probability of finding saplings in plots in which parent trees were present,
compared with a measure of how rapidly that species recovers following ungulate
exclusion. Preferred forage species increase most rapidly within exclosures (high RE

values). Arrows represent the change in the probability of finding saplings of a
species between the two censuses. The solid curve in (b) represents the significant
mean relationship (±95% CIs, dashed lines) between sapling probability and RE in
disturbed sites at the final census. There was no significant effect of RE on sapling
probability in thinning sites. n = 22 species.
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tion of slow-growing species at densities as low as 4 animals km2

(Alverson et al., 1988). In disturbed sites, where sapling growth
rates are higher and stems can escape ungulate browse by growing
rapidly through the browse tier, the size of the seedling bank may
be a stronger constraint on sapling recovery patterns.

Our finding that the fast growing species did not recover quickly
from ungulate browsing was consistent with our predictions. Fast-
growing woody species are preferentially selected by both ungu-
lates and invertebrate leaf chewers (Tanentzap et al., 2011b), and
therefore, may remain impacted by herbivores at all but the lowest
ungulate densities. However slower growing species did not ap-
pear to have gained an advantage and were also recovering slowly,
counter to our predictions. This might be because New Zealand
trees grow much more slowly than species in other forest types
worldwide (Bee et al., 2007), and so ungulates will need to be re-
duced to very low densities to allow recovery across the broader
landscape (e.g. <1 animal km2; Tanentzap et al., 2009).

4.3. Influence of ungulate diet preference on recovery

We found that ungulate preferred species were negatively af-
fected by browsing despite overall increases in sapling densities
following culling. As ungulate densities are reduced, and food com-
petition is eased, the remaining animals will increase consumption
of the most highly preferred species and reduce intake of less-pre-
ferred species (Dumont et al., 2005; Latham et al., 1999; Tremblay
et al., 2005). Thus, relatively unpreferred species may recover
without concomitant increases in preferred forage (Coomes et al.,
2003; Nugent et al., 2001; Tanentzap et al., 2009). Our results sup-
port this prediction and are indicative of non-linear functional rela-
tionships between ungulate and plant species densities. As a result
it may be difficult to reduce ungulates to densities at which pre-
ferred species will recover across the landscape. Rather, other ap-
proaches may be necessary to expedite the recovery of preferred
species, such as targeting culling towards sites most affected by
browsing or fencing.

Climatic changes may have altered the suitability of our study
sites for recovery of some tree species, leading to changes in recov-
ery patterns that may simply have been exacerbated by ungulate
browsing preferences, although this is unlikely. Ecosystems can
move between alternative stable states that can differ dramatically
in both composition and function, with evidence for such regime
shifts having been found in diverse ecosystems, often as a result
of anthropogenic impact (e.g. Gatto and Rinaldi, 1987; Collie
et al., 2004; Lockwood and Lockwood, 1993). Large disturbances
are not always necessary to initiate a regime shift; when multiple
drivers exist a small change in one factor may lead to a dispropor-
tionately large shift in ecosystem composition or function that oc-
curs only when a second factor assumes certain values (a cusp
catastrophe, see Hooley and Cohn, 2003). For example, variation
among stands in density of the understorey herb Laportea canaden-
sis (determined by historical factors) in eastern US forests was
exacerbated by white-tailed deer (Odocoileus virginianus) brows-
ing, resulting in alternative states with either high or low Laportea
densities (Augustine et al., 1998). Across New Zealand, mean an-
nual temperature has increased by 0.3 �C in the 30 years spanned
by our vegetation measurements (Mullan et al., 2010), but the
most sensitive of plant responses to these changes, i.e. growth at
the edges of species’ climatic envelopes (Harsch et al., 2009), has
remained unchanged within the last 50 years. Regeneration in tre-
eline forests is instead dependent on stand disturbance (Cullen
et al., 2001), in agreement with our findings that sapling numbers
increased most rapidly in disturbed stands. Pulses of Nothofagus
recruitment over the past 300 years were also found to be unre-
lated to temperature trends (Cullen et al., 2001). Therefore we con-
sider it unlikely that climate warming has appreciably altered tree

recruitment patterns during the period of the study, although we
cannot rule out such effects spanning the 150 years since ungu-
lates were first introduced. Extrapolating back from 20th century
temperature trends (Mullan et al., 2010) indicates that there may
have been a total increase of up to 1.4 �C in 150 years, a change
approaching the magnitude of the 1.5 �C to 3 �C rises that were
associated with major vegetation changes in New Zealand during
the Holocene (Wilmshurst et al., 2007).

4.4. Conservation implications

Even when reduced to very low population densities by hunt-
ing, ungulates continue to suppress regeneration of preferred plant
species in temperate forests, indicating that total removal of
browse pressure may be required to allow community recovery.
A study in the Murchison Mountains, South Island, showed that
most forest species were recovering slowly even though red deer
(Cervus elaphus) populations have been reduced by 92% from their
peak densities in the 1960s to less than 1 deer km�2 (Tanentzap
et al., 2009). Preferred species may thus be unable to regenerate
in the continued presence of ungulates. However, ungulate eradi-
cation is neither politically nor economically viable at the national
scale and some species continue to gradually extend their range
through illegal liberations (Fraser et al., 2000). There is also a lack
of political will to eradicate ungulates across New Zealand because
of their associated economic and recreation benefits (Nugent and
Choquenot, 2004).

Forest managers may be forced to attempt eradication at small
spatial scales to ensure regeneration of ungulate-preferred species,
prioritising sites with the highest conservation values. Fenced
sanctuaries for indigenous biota and offshore islands may be the
most suitable sites. Goats have been successfully eradicated from
islands as large as 361 km2 (Lana’i, Hawaii) and from Raoul Island
29.4 km2 in New Zealand (Campbell and Donlan, 2005). Goats have
almost been eradicated from Great Barrier Island (285 km2) and
deer from an 81 km2 island in New Zealand, which will represent
the largest area to date where deer eradication has occurred. Local-
ized management at the scale of several square kilometres can also
be used to control ungulates if their home ranges are relatively dis-
crete and animals are philopatric (McNulty et al., 1997), although
this approach is likely to be less effective for less philopatric spe-
cies such as red deer. In Germany, sport hunting facilitated tree
regeneration across 25,000 km2 within 3 years of implementing
harvest quotas based upon trends in ungulate browsing within lo-
cal game management districts (each ca. 33 km2 in size; Hothorn
and Müller, 2010). Although culling will need to be carefully tar-
geted even in the presence of favourable regeneration conditions,
e.g. large seed sources and ample understorey light levels, we show
that recovery should be possible in small areas where ungulates
can be eradicated.

Acknowledgements

This research was funded by a NERC Ph.D. studentship and a re-
search grant from the Foundation for Research, Science and Tech-
nology (Contract C09X0502). We gratefully acknowledge the staff
of the New Zealand Forest Service, Department of Conservation
and New Zealand Forest Surveys who collected and entered data
used in this study. Steve Deverell in particular deserves special
thanks for two decades of field and data processing work. The
authors acknowledge the use of plot data drawn from the National
Vegetation Survey of New Zealand Databank, administered by
Landcare Research. Comments by Peter Bellingham and two anon-
ymous referees on earlier drafts greatly improved this paper.

D.M. Wright et al. / Biological Conservation 153 (2012) 64–71 69



Author's personal copy

Appendix A. Supplementary material

Supplementary data associated with this article can be found, in
the online version, at http://dx.doi.org/10.1016/j.biocon.2012.04.
033.

References

Allen, R.B., Payton, I.J., Knowlton, J.E., 1984. Effects of ungulates on structure and
species composition in the Urewera forests as shown by exclosures. N Z J. Ecol.
7, 119–130.

Alverson, W.S., Waller, D.M., Solheim, S.L., 1988. Forests too deer: edge effects in
northern Wisconsin. Conserv. Biol. 2, 348–358.

Augustine, D.J., Frelich, L.E., Jordan, P.A., 1998. Evidence for two alternate stable
states in an ungulate grazing system. Ecol. Appl. 8, 1260–1269.

Bee, J.N., Kunstler, G., Coomes, D.A., 2007. Resistance and resilience of New Zealand
tree species to browsing. J. Ecol. 95, 1014–1026.

Bellingham, P.J., Allan, C.N., 2003. Forest regeneration and the influences of white-
tailed deer (Odocoileus virginianus) in cool temperate New Zealand rain forests.
For. Ecol. Manage. 175, 71–86.

Bellingham, P.J., Richardson, S.J., 2006. Tree seedling growth and survival over 6
years across different microsites in a temperate rain forest. Can. J. For. Res. 36,
664–670.

Campbell, K., Donlan, C.J., 2005. Feral goat eradications on islands. Conserv. Biol. 19,
1362–1374.

Caughley, G., 1970. Eruption of ungulate populations, with emphasis on Himalayan
Thar in New Zealand. Ecology 51, 53–72.

Challies, C.N., 1991. Status and future management of the wild animal recovery
industry. N Z J. Forest. 36, 10–17.

Collie, J.S., Richardson, K., Steele, J.H., 2004. Regime shifts: can ecological theory
illuminate the mechanisms? Prog. Oceanogr. 60, 281–302.

Coomes, D.A., Allen, R.B., 2007. Mortality and tree-size distributions in natural
mixed-age forests. J. Ecol. 95, 27–40.

Coomes, D.A., Allen, R.B., Bentley, W.A., Burrows, L.E., Canham, C.D., Fagan, L.,
Forsyth, D.M., Gaxiola-Alcantar, A., Parfitt, R.L., Ruscoe, W.A., Wardle, D.A.,
Wilson, D.J., Wright, E.F., 2005. The hare, the tortoise and the crocodile: the
ecology of angiosperm dominance, conifer persistence and fern filtering. J. Ecol.
93, 918–935.

Coomes, D.A., Allen, R.B., Forsyth, D.M., Lee, W.G., 2003. Factors preventing the
recovery of New Zealand forests following control of invasive deer. Conserv.
Biol. 17, 450–459.

Coomes, D.A., Lines, E.R., Allen, R.B., 2011. Moving on from metabolic scaling theory:
hierarchical models of tree growth and asymmetric competition for light. J. Ecol.
99, 748–756.

Côté, S.D., Rooney, T.P., Tremblay, J.-P., Dussault, C., Waller, D.M., 2004. Ecological
impacts of deer overabundance. Annu. Rev. Ecol. Evol. Syst. 35, 113–147.

Cullen, L.E., Stewart, G.H., Duncan, R.P., Palmer, J.G., 2001. Disturbance and climate
warming influences on New Zealand Nothofagus tree-line population dynamics.
J. Ecol. 89, 1061–1071.

Davidson, M.M., Fraser, K.W., 1991. Official hunting patterns, and trends in the
proportions of sika (Cervus nippon) and red deer (C. elaphus scoticus) in the
Kaweka range, New Zealand, 1958–1988. N Z J. Ecol. 15, 31–40.

de la Cretaz, A.L., Kelty, M.J., 2002. Development of tree regeneration in fern-
dominated forest understories after reduction of deer browsing. Restor. Ecol. 10,
416–426.

Dengler, J., Jansen, F., Glöckler, F., Peet, R.K., De Cáceres, M., Chytrý, M., Ewald, J.,
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